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Effects of salinity on the microbial removal of nitrate
under varying nitrogen inputs within the marshland
upwelling system

LORNA A. PUTNAM DUHON1,2, ROBERT P. GAMBRELL1, KELLY A. RUSCH2 and JOHN R. WHITE1

1Department of Oceanography and Coastal Sciences, Louisiana State University, Baton Rouge, Louisiana, USA
2Department of Civil and Environmental Engineering, Louisiana State University, Baton Rouge, Louisiana, USA

The marshland upwelling system (MUS) utilizes the natural properties of wetland soils to treat domestic wastewater injected into the
marsh subsurface as the wastewater moves upwards and outwards from the injection site. The system is different from coarse media
based wetland treatment systems common in Europe, though it relies on the same principles. A laboratory study was designed to
simulate field conditions in order to investigate and quantify the removal of nitrogen from the wastewater by pumping wastewater
into the bottom of cores and observing the changes as the wastewater moved upward to the surface. Two nitrogen treatments (100 mg
NH4-N L−1 and 80 mg NH4-N L−1/20 mg NO3-N L−1) and two salinities (2 and 20�) for each N treatment were studied. Dissolved
organic carbon (DOC) demonstrated a removal efficiency of 90%, while NO3-N had a removal efficiency of > 99% throughout
the 84 days of the study. Higher salinity had a temporary, significant lower removal of DOC, while nitrate removal was high and
consistent over time. Microbial biomass C (MBC) and denitrification enzyme activity (DEA) were measured to determine the role
of microbial processes within the MUS. Wastewater introduction increased microbial growth at the column surface, which led to
increases in denitrification/nitrification coupling and net N loss, as estimated by DEA. Salinity and organic matter were found to
have significant negative and positive impacts, respectively, on DEA rates and MBC. An understanding of the impacts of salinity
on specific microbially-mediated N transformations is critical for improving the efficiency of the MUS in coastal environments to
determine the long-term sustainability.

Keywords: Treatment wetland, nitrogen, carbon, ammonia, nitrate, denitrification, denitrification enzyme activity (DEA), microbial
biomass carbon, dissolved organic carbon, wastewater, salinity.

Introduction

A novel wastewater treatment system being tested in coastal
wetland environments is the marshland upwelling system
(MUS), which capitalizes, in part, on microbial transfor-
mations in soil. The MUS was developed as an alterna-
tive wastewater treatment system to address issues that are
present in many coastal environments including Louisiana,
such as high water tables, poor hydraulic soil conductivity,
anaerobic soils, and saline groundwater. [1–3] The MUS dif-
fers from traditional constructed treatment wetlands, such
as horizontal subsurface flow, surface flow, and vertical
flow wetlands.

In horizontal subsurface flow wetlands, the water flows
horizontally from inlet to outlet through the subsurface

Address correspondence to John R. White, Department of
Oceanography and Coastal Sciences, Louisiana State University,
Baton Rouge, LA; E-mail: jrwhite@lsu.edu
Received October 10, 2011.

of the wetland. Surface flow wetlands most closely resem-
ble natural wetlands and treat the wastewater as it moves
through areas of open water and floating and emergent veg-
etation. In vertical flow wetlands, water is dispersed across
the surface of the wetland and then treated as it moves
vertically down through the sediment.[4] However, both the
vertical subsurface flow and horizontal flow wetlands use
an artificial bed media over short distances, while the MUS
has a longer path length and vertical upward flow and uti-
lizes soils comprised primarily of sand and silt.

The MUS (Fig. 1) utilizes natural wetlands in coastal
environments and relies on the native soil and microbial
population at in situ salinity for treatment. The system op-
erates by collecting black and gray wastewater from coastal
dwellings in a collection/distribution tank. Solids are al-
lowed to settle out and the wastewater is then injected in-
termittently into the marsh subsurface. The intermittent
injection cycles creative active injection and resting cycles
allowing back pressure in the injection well to dissipate
during resting cycles. The wastewater is radially dispersed
from the injection point deep in the soil and moves upward
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1740 Putnam Duhon et al.

Fig. 1. Generic schematic of the marshland upwelling system.

and outward by natural groundwater flow and buoyancy
forces due to the salinity differences between the fresher
wastewater and naturally brackish or salt groundwater. As
the wastewater moves through various oxidation-reduction
zones within the subsurface, it is treated by a number of nat-
ural processes, including physical filtration, nutrient sorp-
tion by mineral and organic soil solids, plant uptake, and
microbial decomposition and transformation.[5]

Wetland treatment systems rely heavily on microbial
communities to treat nitrogen as microbes are able to per-
manently remove nitrogen as N2 from the system.[6] Any en-
vironmental changes that affect the microbial community
can affect the treatment of nitrogen. Higher salinities can
have negative impacts on the microbial community.[7] As sea
level rises, the salinity of coastal marshes in Louisiana will
likely also rise, making the effect of salinity on microbially-
mediated N processes important for the long-term use of
the MUS.

Previous field studies have demonstrated effective
short-term treatment of wastewater nitrogen (N) treatment
in both salt and intermediate marshes.[2,8] However, these
studies provided no information on the effect of specific
soil properties on N treatment, attempted to determine mi-
crobial processes, nor investigated differences in treatment
related to salinity. Consequently, a more detailed investi-
gation of the specific processes occurring was undertaken
to provide information that could potentially improve
system performance and longevity. Thus, the objectives
for this study were to determine: 1) the influence of soil
properties on N treatment, 2) the microbial processes
related to N treatment occurring within the MUS, and 3)

potential influences of salinity on microbially-mediated
processes.

Materials and methods

Setup

Nitrogen transformations within the MUS were inves-
tigated using a laboratory column experiment, as field
conditions are essentially unbounded, thus preventing a
quantitative and detailed process-level investigation with-
out significant cost and manpower. Three experimental
treatments (salinity, nitrogen, and plants), with two lev-
els each were chosen to evaluate the efficiency of MUS N
removal (Table 1).

The N levels (80 mg NH4-N L−1/20 mg NO3-N L−1 and
100 mg NH4-N L−1) were chosen as representative of levels
observed at field sites and in a pilot study.[2,8,9] Each salin-
ity treatment also had a planted control that received no
wastewater to compare wastewater treated columns to con-
trol columns receiving only the corresponding saltwater.
However, the majority of the plants died partway through
the study and, therefore, the potential influence of plants
on nitrogen treatment is not discussed. Treatment combi-
nations were duplicated and randomly placed for a total of
16 wastewater-treated columns and four control columns.
For a more detailed description of column construction,
see Putnam (2009).[9]

Standard synthetic wastewater[10] was used with the fol-
lowing modifications: salt, nitrogen, and phosphorus levels
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Effects of salinity on the microbial removal of nitrate 1741

Table 1. Layout of experimental design showing three treatments
used. Each treatment combination was duplicated for a total of
20 experimental units (or columns).

Treatments

Nitrogen Salinity Plants

80 mg NH4-N L−1 2� Planted
Unplanted

20 mg NO3-N L−1 20� Planted
Unplanted

100 mg NH4-N L−1 2� Planted
Unplanted

20� Planted
Unplanted

No wastewater 2� Planted
20� Planted

A part per thousand is abbreviated as �.

were increased to the desired wastewater concentrations,
kaolin (a mineral) was not added, a supplement (Reef Plus,
Aquatic Ecosystems) containing trace nutrients was added,
and the amount of beer (carbon source) was decreased from
6% to 1%. The amount of beer was decreased as preliminary
tests found the dissolved organic carbon (DOC) level to be
high in comparison to field wastewater levels. Wastewater-
treated columns received 12 mg PO4-P L−1, 200 mg C L−1,
and either 80 mg NH4-N L−1/20 mg NO3-N L−1 or 100 mg
NH4-N L−1, based on field and lab studies.[2,8,9] Saltwater
solutions were made using individual components.[11]

Wastewater was added at an injection flow rate of 0.03
L min−1 at a frequency of 1 hour every 2 days. The in-
jected wastewater was sampled at every addition on a two
day cycle. Samples were collected from each sampling port
(Fig. 2) before wastewater addition on days 0, 5, 14, and
every 14 days thereafter for a total of 84 days. Salinity, pH,
redox potential, and temperature of the samples were mea-
sured at time of collection. Redox potential was measured
with a SCE reference electrode and corrected to a standard
hydrogen reference electrode and expressed as Eh.[12] At the
end of the study, columns were sliced into seven sections
as shown in Figure 2. Each section was then homogenized
and stored at 4◦C until further analysis.

Soil and water analyses

Sand, silt, and clay fractions were measured using sieve
(ASTM C117, C136) and hydrometer analyses (ASTM
D422).[13] Pre-study, soils were analyzed for organic matter
(OM) content and total carbon and nitrogen (TC and TN).
Post-study, soils were analyzed for organic matter (OM)
content and total carbon and nitrogen (TC and TN). Or-
ganic matter was measured as loss on ignition at 435◦C.[14]

Total C and TN were determined on dried, ground samples
using a Costech Elemental Combustion System (Valencia,
CA).

Fig. 2. Schematic of column setup. Sampling port depths are
indicated on right. Soil segments cut from column at end of ex-
periment are indicated on left. The distribution plate was installed
beneath gravel (color figure available online).

The water samples were filtered (0.45 µm) and measured
for NO3-N + NO2-N (NOX, EPA method 353.2) and DOC.
All water samples were preserved at pH < 2 and stored at
4◦C until analysis, except for NOX, which was kept at 4◦C
and analyzed within 48 h of sampling. Nitrate + nitrite was
measured on a Seal Analytical AQ2 Automated Discrete
Analyzer (Mequon, WI). Dissolved organic carbon was
measured directly after acidification with HCl (pH < 2)
using a Shimadzu TOC-VCSN analyzer (Columbia, MD).

Soil sections were analyzed for microbial biomass car-
bon (MBC) and denitrification enzyme activity (DEA).
Extractants for MBC were filtered using 0.45 µm mem-
brane filters and stored at 4◦C until analysis. Microbial
biomass C was measured using ∼ 2 g moist soil follow-
ing the chloroform fumigation method after Vance et al.[15]
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1742 Putnam Duhon et al.

Table 2. Percent sand, silt, and clay and initial mean organic
matter content, cation exchange capacity (CEC), total carbon,
and total nitrogen for soil used in columns.

cm below surface

0 - 15 15 – 84
Property 20� 2� All

Sand (%) 13 22 78
Silt (%) 72 58 18
Clay (%) 15 20 4
USDA classification silt loam silt loam loamy sand
Organic matter (%) 24 77 1.3
CEC (centimoles of cation

charge kg−1 soil)
- - 14.5

Total carbon (g C kg−1

soil)
- - 10

Total nitrogen (g N kg−1

soil)
- - BDL†

†Below detection limit of 0.5 g N kg−1 soil.

and White and Reddy[16] and measured directly using a
Shimadzu TOC-VCSN analyzer (Columbia, MD). Denitri-
fication enzyme activity was measured using ∼ 5 g moist
soil in glass serum bottles evacuated with 99.99% O2-free
N2 gas using the acetylene block technique after White and
Reddy.[6] The N2O for the DEA analysis was determined
using a Shimadzu GC-8A equipped with an ECD detector
(Columbia, MD) equipped with a 1.8 m × 2 mm i.d. stain-
less steel column with Poropak Q (0.177 – 0.149 mm; 80 –
100 mesh; Supelco, St. Louis, MO).

Data analysis

SAS R© software[17] and SigmaPlot R© software[18] were used
to analyze the data. All statistical tests were performed
at a significance level of α = 0.05. A two-way ANOVA
(salinity and nitrogen-form) with a split-plot addition for
depth was applied to compare treatments. Controls were
excluded from the two-way ANOVA as they led to an un-
balanced design. In order to compare controls to wastew-
ater treated columns, comparisons to control data were
made using a one-way ANOVA (using the 10 treatment
combinations) with linear combinations between controls
and wastewater treated columns. Soil characteristics were
related using Pearson’s product correlation analysis. Den-
itrification enzyme activity (DEA) values from 0 – 28 cm
were log transformed to meet normality requirements of
the statistical tests.

Results and discussion

Overall soil and water characteristics

The soil added to the columns was a silt loam from 0 –
15 cm and a loamy sand from 15 – 84 cm (Table 2)[19] to
mimic field conditions. For all soil and microbial data mea-

Table 3. Overall mean of influent parameters.

Treatment

Parameter A N C

DO 7.50 ± 0.44 7.52 ± 0.40 7.69 ± 0.40
(mg L−1) (54) (54) (50)

pH 7.85 ± 0.41 7.88 ± 0.36 7.82 ± 0.19
(86) (86) (32)

DOC 224 ± 57 216 ± 57 42 ± 32
(mg C L−1) (72) (72) (26)

NH+
4 94 ± 7.9 75 ± 7.4 0.61 ± 0.72

(mg N L−1) (86) (86) (31)
NOX 0.12 ± 0.25 18 ± 2.2 0.06 ± 0.08
(mg N L−1) (86) (86) (32)

n = ().
Treatments are abbreviated as 100 mg NH4-N L−1 (A) vs. 80 NH4-N
L−1/20 mg NO3-N L−1 (N), and control (planted columns receiving no
wastewater, C).

sured, means were significantly higher at the surface and
decreased with depth. There were no significant differences
seen in the soil sections from 28 – 84 cm (below the sur-
face) and the bottom sand section. As such, non-significant
data was pooled together for simplification of graphical and
tabular presentation. The top 15 cm of soil in each column
contained organic soil obtained from a marsh of a similar
salinity to simulate field conditions. Thus, from 0–14 cm,
the soil was nearly entirely comprised of high organic ma-
terial and, from 14–28 cm, the soil was a mixture of the
surface OM layer and the soil found from 28–84 cm. This
difference accounted for the mid-range values found in the
14–28 cm for most parameters.

Mean influent parameters were consistent throughout
the study (Table 3) as well as the mean salinity and pH
of the effluent and the redox potential of the soil. Mean
wastewater column measures for temperature, pH, and re-
dox potential were 22.4 (± 1.0)◦C, 6.83 (± 0.36), and −87
(± 117) mV, respectively. Salinity in the columns averaged
23.0 (± 3.8) and 3.1 (± 3.4)� for the 20 and 2 treatments,
respectively.

Organic matter content at the end of the study ranged
from 1.6–62%, with the lowest percentages found in the
subsurface (28–84 cm). Total C ranged from 5–301 g C kg−1

soil (Table 2). Total C was significantly higher (p < 0.001)
in wastewater treated columns versus control columns, an
indication that addition of wastewater increased TC levels.
Total N was only detectable within the 0–28 cm soil interval
and ranged from 0.89–22 g N kg−1 soil, while it was below
the detection limit of 0.5 g N kg−1 soil (Table 2) at all other
depths.

Carbon treatment

Dissolved organic carbon in the wastewater was signifi-
cantly reduced (p < 0.001) from an influent mean of 220
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Effects of salinity on the microbial removal of nitrate 1743

to an overall effluent mean of 22.7 (± 16.8) mg C L−1.
Among columns receiving wastewater, the higher salinity
columns had a significantly higher DOC (p < 0.05) from 0
to 8 cm relative to the lower salinity treatment at this depth.
This difference was likely due to increased microbial activ-
ity in the low salinity columns. Microbial biomass C had
a higher mean, at the surface, in the low salinity columns
than in the high salinity columns (9.91 vs. 4.22 mg C kg−1

soil, respectively). High salinities have been found to have a
negative impact on microbial activity.[20–23] The significant
differences seen in DOC levels in the effluent were only
short-lived, as these differences dissipated by day 56, sug-
gesting that the microbial population may acclimate to the
higher salinity over time.

Microbial biomass C ranged from 0.02–23.4 g C kg−1

soil. Overall, the highest levels of MBC were found in the
top 0–14 cm (Fig. 3) and were significantly higher (p <

0.001) in wastewater treated columns than control columns
at this depth. Though MBC is not always directly related
to microbial activity (due to inactive or resting microbial
groups), it gives an indication of the total microbial pool
present. Thus, wastewater increased MBC and, likely, mi-
crobial activity, due to the additional DOC load.

The higher mean of MBC found near the surface
indicated there was a higher microbial activity at the
surface (more oxidized, more C) and a lower activity
at deeper depths where the environment was more re-
duced and lower in C. Microbial activity and OM de-
composition in reducing environments are generally much
slower than in oxygenated environments.[24] D’Angelo and
Reddy[25] found that carbon mineralization was three times
slower in anaerobic wetland environments, while White and
Reddy[26] found that nitrogen mineralization was six times
slower.

Nitrate treatment

Nitrate N was significantly (p < 0.001) reduced from an
influent mean of 18.43 (± 2.18) mg NOX-N L−1 to an
overall effluent mean of 0.06 (± 0.15) mg NOX-N L−1 in
columns receiving wastewater. (Nitrite was measured sep-
arately and was not a significant fraction of NOx, < 1%.)
To compare effects among the nitrate treatment, statisti-
cal analyses were run only on columns receiving nitrate
over the entire course of the study. Among these columns,
nitrate levels were significantly higher (p < 0.05) at the
surface relative to the subsurface (−8 to −84 cm), but
only among columns of the lower salinity. This suggests
that the high levels of NH+

4 in the wastewater were likely
converted to NO−

3 via nitrification at the more oxidized
surface, and that nitrification was inhibited at the higher
salinity.

There was no significant difference in NOX between ni-
trogen treatments. Wastewater nitrate entered the columns
from the bottom and was consumed within a short distance.

Fig. 3. Mean microbial biomass carbon (MBC, graph A) and den-
itrification enzyme activity (DEA, graphs B and C) of columns
by depth below surface. Data for salinity treatments 2 and 20�
is presented for control (planted columns receiving no wastewa-
ter) and wastewater treated columns. Data not shown for DEA
is below detection limit (0.001 mg N2O-N kg−1 soil h−1). Graph
B shows DEA of all treatments. Graph C shows the same in-
formation at a smaller scale. Error bars show variability of each
treatment combination. C = control, no wastewater added; 2 =
2�; 20 = 20�.

This is evidenced from samples at the first (lowest) sampling
port (−84 cm) showing no difference in the NOX concen-
tration among columns receiving NO−

3 versus all columns
not receiving NO−

3 (Fig. 4). The reduction of NO−
3 was

D
ow

nl
oa

de
d 

by
 [

M
cG

ill
 U

ni
ve

rs
ity

 L
ib

ra
ry

] 
at

 1
8:

10
 0

2 
Ja

nu
ar

y 
20

13
 



1744 Putnam Duhon et al.

Fig. 4. Representative graphs of NOX versus time. Lines represent
the mean of NOX at each depth. Graph A shows 20�, planted,
80 NH4-N L−1/20 mg NO3-N L−1 treatment combination and
Graph B shows 2�, planted, 100 mg NH4-N L−1.

likely due to denitrification, as measured by DEA. The
mean surface (0 to −8 cm) redox potential was 37 and
the mean subsurface (−8 to −84 cm) redox potential was
−118 mV. Though the average redox potential for initiation
of denitrification typically occurs from 100–300 mV,[27] den-
itrification can occur at a wide range of redox potentials,
as the process is largely dependent upon the availability of
NO−

3 and C.
Understanding the factors influencing denitrifiers will

help to improve the denitrification potential in these sys-
tems as denitrifiers convert NO−

3 to N2, thus removing
nitrogen from the system. Denitrification enzyme activity
(DEA) provides a measure of the rate at which denitrifi-
cation is occurring within wetland systems.[6,28] Because of
the low number of data points above the detection limit
for DEA, data were placed into two groups: 0–28 cm,
and 70–84 cm/sand layer. The majority of DEA occurred
near the surface between 0–28 cm where DEA ranged from

0.01–22.6 mg N2O-N kg−1 h−1 and was significantly greater
(p < 0.001) in wastewater treated columns than control
columns (Fig. 3). In the bottom 70 – 84 cm/sand layer,
DEA was below 0.06 mg N2O-N kg−1 h−1 for all treatments
likely related to the very low C content of this layer.[25]

If denitrification was the primary microbial process oc-
curring, the treatment receiving NO−

3 would be expected to
have a significantly higher DEA in the soil near the wastew-
ater entrance (70–84 cm) than the treatment that did not
receive NO−

3 . There was no significant difference between
the treatment receiving NO−

3 and the treatment receiving
none due to high variability in the DEA values. However,
all of the DEA detected from 70–84 cm occurred in the
treatment receiving NO−

3 . In contrast, the percentage of
DEA occurring at the surface (0 – 28 cm) was nearly equal
between the two treatments. Here, 53% of the DEA that
occurred was in the treatment receiving no NO−

3 . The high
rate of DEA occurring in this treatment can be explained
by nitrification/denitrification coupling at the surface,[29]

as the wastewater NH+
4 is converted to NO−

3 by nitrifying
bacteria. Nitrification/denitrification coupling at the sur-
face is also supported by the NOX data where columns
receiving only NH+

4 had NOX in the effluent.
High levels of NH+

4 were present in all columns and likely
underwent little change in chemical form as the wastewater
moved vertically up the column (through this anaerobic re-
gion) until the surface was reached. Although some NH+

4
would become sorbed to the soil as it traveled, the high
levels of NH+

4 reaching the surface[9] and introduction of
oxygen at the surface and rhizosphere would actively stimu-
late nitrification and, subsequently, denitrification, as NO−

3
diffused into anaerobic regions. Because of the close prox-
imity of aerobic and anaerobic soil environments at the soil
surface and within the rhizosphere, efficiency of nitrifica-
tion and denitrification is increased.[29] Though nitrification
rates were not measured, the detection of NOX and DEA
within the 100% NH+

4 treatment strongly suggests NH+
4

was being converted to NO−
3 providing the substrate for

denitrification.
However, if the loading of NO−

3 is considered relative
to the DEA measured within the subsurface, the nitrogen
load was greater than the DEA would suggest. The level
of NO−

3 loaded was 0.14 mg N kg−1 soil h−1, which was
five times higher than the mean DEA measured at that
layer (0.026 mg N kg−1 soil h−1). Though the rates of NO−

3
loading and DEA are determined using different methods
(NO−

3 loading is an average, while DEA is a final measure-
ment), the difference in rates is large enough to warrant
further consideration.

The NO−
3 load was still considerably higher, even con-

sidering the highest DEA measured at this depth (0.057 mg
N kg−1 soil h−1). Though the DEA present in a soil is
highly variable[30] and could account for the differences
seen in this study, the possibility exists that anammox
or dissimilatory nitrate reduction to ammonium (DNRA)
occurred. Anammox occurs under strongly reducing
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Effects of salinity on the microbial removal of nitrate 1745

Table 4. Correlation matrix of soil properties as compared with
microbial properties for column soils.

Organic Microbial Total
matter biomass C C

Microbial biomass C 0.85
Total C 0.99 0.84
DEA 0.66 0.39 0.69

DEA = denitrifying enzyme activity.
All r values listed are significant at p < 0.01.

conditions where NO−
3 and NH+

4 are used in conjunction
by microorganisms to produce N2.[31] Anammox bacteria
would directly compete for NO−

3 with denitrifiers, thus re-
ducing the DEA that could occur, but still removing N from
the system.

However, in DNRA, NO−
3 reduces to NH+

4 as opposed
to the N2 gas formed during denitrification, which would
be undesirable as N is not lost from the system through this
process. Factors thought to favor DNRA include highly
reduced soils (as it consumes eight electrons as opposed
to the five electrons consumed during denitrification) and
high organic carbon content (as DOC from the incoming
wastewater).[31] Both the conditions necessary for anam-
mox and DNRA occurred during the study, so it is likely
one or both transformations may have occurred.

Denitrification decrease with increased distance from the
surface is consistent with other studies and is correlated to
a number of influences, particularly the availability of OM
and NO−

3 .[6,32] The higher levels of TC, OM, and MBC
present within the top 28 cm contributed directly to the
higher levels of denitrification occurring, as the bottom
14 cm contained small amounts of these parameters.[33] The
DEA was also positively correlated with TC (p < 0.001, r
= 0.69) and MBC (p < 0.01, r = 0.39) (Table 4). The cor-
relation between DEA and TC and MBC demonstrates
the influence of carbon on denitrification. Carbon is nec-
essary for denitrification as it supports requirements for
both energy and cellular synthesis.[33, 34] Significant rela-
tionships between denitrification rates and water soluble
organic carbon have been shown for a wide range of wet-
land soil types.[25]

The salinity interaction was significant from 0 – 28 cm
(p < 0.05), where the DEA at the low salinity was greater
than the high salinity (Fig. 3, data shown without log trans-
formation). A higher salinity had a significant negative im-
pact on DEA. Increased salinities are related to decreases
in denitrification activity[7,35] and could explain, in part,
why the low salinity treatment had a higher DEA rate from
0 – 28 cm.

MUS as wastewater treatment system

The overall mean removal efficiency for DOC using sub-
surface injection of synthetic wastewater was 90%. A study

that looked at the treatment of municipal wastewater in a
constructed mangrove swamp found a removal efficiency
of 71%.[36] In a horizontal subsurface flow wetland treating
synthetic wastewater, a removal efficiency of 93.2% was ob-
served,[37] while in a different subsurface flow wetland treat-
ing municipal wastewater, a removal efficiency of between
68 and 72% was observed.[38] Generally, this study had a
higher removal efficiency than other wetland wastewater
treatment systems due to increased path length compared
to more traditional vertical flow systems. An increased re-
moval of DOC is important as C loading to surface waters
can deplete the oxygen.

Removal efficiencies for NOX were upwards of 99%,
within just a few cm from the injection point at the base
of the core during the entire length of the study. Previous
field studies of the MUS also found no detectable amounts
of NOX in the marsh subsurface.[2,8] In comparison, a lab-
oratory study treating synthetic wastewater saw nitrate re-
moval efficiencies of 98% over the course of 20 months.[39]

Two natural, forested, treatment wetlands receiving
wastewater from municipal sources had 100% removal ef-
ficiency.[40] Planted surface flow wetlands, treating nitrate-
contaminated groundwater, had efficiencies ranging from
70–99% as compared to unplanted surface flow wetlands,
from the same study, that had a 55% removal efficiency.[41]

Overall, this study, representing subsurface injection of
wastewater, showed NOX removal efficiencies similar to or
higher than other traditional wetland treatment systems.

The range of DEA found in wetland systems is varied.
Flite et al.[32] reported DEA levels ranging from 0–0.21 mg
N2O-N kg−1 soil h−1 in a riparian wetland, White and
Reddy[6] from 0.004–7.75 in an Everglades Water Conserva-
tion Area, and Schipper and McGill[42] from 0.035–1.410 in
soil irrigated with dairy processing effluent. Hunt et al.[43–45]

has studied DEA in various different wetlands treating
swine wastewater with DEA ranging from 0.210 – 0.516 mg
N2O-N kg−1 soil h−1,[44] a riparian zone adjacent to a swine
wastewater spray field ranging from 0.003 – 1.66,[43] and
a marsh-pond-marsh constructed wetland treating swine
wastewater ranging from 0.06 – 1.13.[45] The measurable
DEA in this studied ranged from 0.001 – 22.6 mg N2O-N
kg−1 soil h−1 and, if the two highest outliers (of 10.15 and
22.6) are excluded, the highest is then 6.39 mg N2O-N kg−1

soil h−1.
Excluding the two highest, the range of this data is com-

parable to other DEAs found in the literature. The highest
DEA from this study is more than double any DEA found
in other literature and was found in one of the columns con-
taining a surficial microbial mat. It is possible the high pro-
ductivity of microbial mats contributed to the high DEA
found in this column and may be an area of research war-
ranting investigation. However, differences in wastewater
composition, bounded treatment area, and other environ-
mental factors may also have contributed to differences in
the DEA levels found in addition to any natural hetero-
geneity.[30]
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The higher microbial activity (as measured by DEA) seen
in this study under the lower salinity may be in part to the
influence of salinity on microbial processes. Increases in
salinity have been shown to lead to decreases in the mi-
crobial biomass and rate of denitrification.[7,20–22,46,47] Re-
searchers have shown that agricultural practices resulting
in increased salinity have led to a decrease in the size and
activity of the soil microbial biomass.[47]

Seitzinger et al.[22] showed an indirect salinity effect on
denitrification caused by a reduction in nitrification rates,
which was due to reduced availability of extractable NH+

4 .
Higher salinities are known to increase physiological stress
in microbes, which could lead to a decrease in microbial
diversity.[35,48,49] Yoshie et al.[35] has shown that salinities
approaching that of seawater decrease the nitrite reductase
gene (required for denitrification) diversity in wastewater
treatment systems. Loss of genetic diversity can lead to
reduced physiological diversity, robustness and resilience,
and a greater susceptibility to environmental perturbations.

Although salinity may have a significant impact on N
reduction, the properties of the soil are likely even more in-
fluential. Microbial activity, particularly DEA, was largely
dependent upon the amount of carbon available. A major-
ity of the soil characteristics measured were higher for the
low salinity treatment, which was coincident with a higher
OM and TC content, a higher MBC as well as increased
rates of DEA. The initial OM content (from 0–14 cm depth)
of the columns for the low salinity was 77%, whereas the
high salinity surface soil was 24%. The higher OM content
for the low salinity provides an explanation for why the
low salinity treatment soil and microbial parameters were
higher from 0–14 cm. Additionally, the influences of plant
uptake could provide a significant increase to the treatment
of nitrogen.

Although not included in the results of this paper, as
the plants died partway through the study, plants can pro-
vide significant treatment of nitrogen by introducing oxy-
gen into the rhizosphere and, thus, increasing the amount
of ammonium converted to nitrate via nitrification and,
subsequently nitrate to N2 via denitrification.[50] Plants can
also provide treatment of nitrogen through the direct up-
take of the various nitrogen forms. However, this would
only provide a temporary removal of nitrogen, because as
the plants died they would be incorporated back into the
marsh as organic-N.

Denitrification is the primary process which permanently
removes nitrogen from the MUS, as wastewater is injected
into the subsurface (i.e., anaerobic zone). The consump-
tion of NO−

3 indicates that any conversion of NH+
4 to NO−

3
before injection will result in treatment of nitrogen within
the MUS as NO−

3 is consumed within anaerobic zones pro-
vided enough C is present in the wastewater. Alternatively,
if oxygen could be introduced into various regions of the
subsurface, this could potentially lead to an increase in
nitrification and, therefore, denitrification in the nearby
subsurface and a loss of nitrogen from the system.

However, the amount and frequency of oxygen introduc-
tion would need to be studied to determine the amount
of oxygen needed to stimulate nitrification/denitrification
coupling as denitrifiers are inhibited by oxygen.[51] Any
NH+

4 reaching the surface would be treated via nitrifica-
tion/denitrification coupling through proximity to the sur-
face or rhizosphere.[29] Available NH+

4 would be nitrified
to NO−

3 in aerobic regions and some NO−
3 would then

diffuse into nearby anaerobic regions where it could be
subsequently denitrified and lost from the system.

However, it is not desirable for untreated wastewater to
reach the marsh surface, as this would defeat the purpose of
the MUS, which is to treat wastewater before it reaches the
surface and potentially contaminates surface water bodies.
Thus, more work should be done on enhancing nitrification
before wastewater injection. If nitrification can be achieved
in the collection tank prior to injection, then NH+

4 load-
ing can be reduced with a concomitant increase in NO−

3
loading. This alteration will lead to a more direct removal
of N through denitrification and potentially increase the
longevity of the MUS with regards to N.

Conclusions

This study found DOC to be treated with a removal
efficiency of 90% in the MUS. A higher salinity had a
significant negative impact on the treatment of DOC
in the short-term. However, over time, the treatment of
DOC under the higher salinity columns reached the lower
salinity columns suggesting the microbial population
acclimated.[23] Nitrate was removed with > 99% efficiency.
Introduction of wastewater significantly increased mi-
crobial activity and biomass at the surface of columns
and, subsequently, led to increases in nitrification and
denitrification rates, as estimated by DEA.

Of particular importance for the viability of this tech-
nology for N removal is the fact that if wastewater reaches
the surface, N may contaminate the surrounding surface
waters. Though coupled nitrification/denitrification would
be an important mechanism for removal of N at the sur-
face, denitrification in the subsurface would create the best
scenario, as the likelihood of N contaminating surface wa-
ters would be greatly reduced. Thus, it would be beneficial
for NH+

4 to be converted to NO−
3 before injection into the

subsurface, to increase the probability that denitrification
will occur.

This study demonstrated that an increased understand-
ing on the factors controlling the soil biogeochemical C
and N cycling can lead to important strategies for improve-
ments in this novel wastewater treatment technology. A
better understanding of the linkages between the microbial
community and ecosystem function can lead to improve-
ments in the use of wetlands for wastewater treatment and
for assessing the effects of perturbations on wetland ecosys-
tems, such as environmental and pollutant variables.[52]
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Therefore, consideration of the microbial transformations
occurring and facilitating these transformations to improve
wastewater treatment is vital to improve the long-term sus-
tainability of the MUS in coastal wetland systems.
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